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Abstract

Eulerian-based, first-principle atmospheric mercury models are a useful tool to assess the transport and deposition of

mercury. However, there exist uncertainty issues caused by model assumptions/simplifications and incomplete

understanding of mercury science. In this paper, we evaluate the model science commonly implemented in atmospheric

mercury models. The causes of the uncertainties are assessed in terms of gas phase chemistry, aqueous phase chemistry,

aqueous phase speciation, aqueous phase sorption, dry deposition, wet deposition, initial and boundary conditions,

emission inventory preparation, and domain grid resolution. We also present a new dry deposition scheme for estimating

the deposition velocities of GEM and RGM based on RADM formulation. From our evaluation, mercury chemistry

introduces the greatest uncertainty to models due to the inconsistent kinetic data and lack of deterministic product

identification in the atmosphere. Model treatments of deposition velocities and aqueous Hg(II) sorption can also lead to

distinct simulation results in mercury dry and wet depositions. Although model results may agree well with limited field

data of GEM concentrations and Hg(II) wet deposition, it should be recognized that model uncertainties may compensate

with each other to yield favorable model performance. Future research needs to reduce model uncertainties are projected.
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1. Introduction

Mercury (Hg) is a persistent, bioaccumulative
pollutant regulated by the United States Environ-
mental Protection Agency (USEPA). The concern
of mercury pollution arises from the health effects
caused by methylated mercury ingestion through
.
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the consumption of fresh water and marine fish
(Clarkson, 1995; USEPA, 1997). Mercury is re-
leased into the atmosphere from a variety of natural
(Fitzgerald et al., 1998) and anthropogenic (Porcella
et al., 1997) sources. It is recognized that anthro-
pogenic emissions have greatly increased relative to
natural sources since the onset of industrialization
(Fitzgerald et al., 2005). Atmospheric mercury exists
primarily as gaseous elemental mercury (GEM),
reactive gaseous mercury (RGM, gaseous divalent
mercury) and particulate mercury (PHg, mercury
associated with atmospheric particles). GEM has a
long atmospheric lifetime (0.5–2 yr), and can be
transported over great distances. RGM and PHg
have a much shorter lifetime and deposit back to the
earth rapidly via dry and wet depositions (Schroeder
and Munthe, 1998; Lin and Pehkonen, 1999; Keeler
et al., 2005). Recently, the rapid deposition of
gaseous mercury during the Polar sunrise raises
concerns of mercury contamination in the Arctic
and Antarctic Regions (Schroeder et al., 1998;
Ebinghaus et al., 2002; Lindberg et al., 2002a).
The background total mercury concentrations are
1–3 ngm�3 (Slemr et al., 2003).

Numerous modeling studies have been conducted
to understand the fate of mercury in the atmosphere
(e.g., Pai et al., 1997; Lin and Pehkonen, 1998b;
Shia et al., 1999; Ryaboshapko et al., 2002, 2005;
Bullock and Brehme, 2002; Seigneur et al., 2003,
2004). The simulation of atmospheric mercury is a
challenging task, because it requires extensive
treatment of multiple mercury species that exhibit
distinct physical and chemical properties, and exist
in multiple phases of the atmosphere. In addition, it
has been demonstrated that atmospheric conditions
and the presence of other pollutants can strongly
affect the redox cycling of mercury (Lin and
Pehkonen, 1998b). The diverse interactions between
various mercury species and the atmospheric
environment are complex and usually generate
non-linear responses. Therefore, atmospheric mer-
cury modeling requires careful consideration of
emission, transport, chemical reactions, interfacial
transfer/equilibria, cloud processes, and dry/wet
depositions.

One difficulty in interpreting mercury modeling
results is the uncertainty associated with the
implemented model science. This is mainly caused
by the different science parameterizations and the
assumptions/simplifications made in the models.
The uncertainties can come from multiple model
components, including the preparation of emission
inventories and speciation, the treatment of natural
emission or so-called ‘‘re-emission’’ (Seigneur et al.,
2004; Walcek et al., 2003; Lin et al., 2005), the
chemical mechanisms in both gaseous and aqueous
phases (Ryaboshapko et al., 2002), the uncertainty
in the chemical kinetic constants (Van Loon et al.,
2000; Gardfeldt and Jonsson, 2003; Pal and Ariya,
2004a, b; Calvert and Lindberg, 2005); the specia-
tion of GEM oxidation products (Lin et al., 2004),
and the treatment of mercury deposition schemes.
These uncertainty issues require a thorough evalua-
tion for the model improvement and future scientific
implementation.

The objective of this paper is to assess the
uncertainties resulting from the science components
implemented in atmospheric mercury models. Ear-
lier studies by Seigneur and coworkers have
addressed the uncertainty issues in mercury emis-
sion and speciation, spatial resolution of model
grids, treatment of mercury re-emission, effect of
dry deposition velocity, boundary conditions, and
precipitation fields (Pai et al., 1999, 2000; Seigneur
et al., 2001, 2003a, 2004; Shia et al., 1999). In this
effort, we will focus particularly on the uncertainty
issues on chemical mechanisms, aqueous sorption,
treatment of mercury dry deposition, and natural
emissions. The results are presented in two compa-
nion papers. In the first paper, we evaluate the
mercury science commonly implemented in first-
principle, Eulerian-based atmospheric models, and
present a new treatment of mercury dry deposition
based on the RADM scheme. The causes for model
uncertainties are discussed, and recommendations
for model improvement are made based on current
‘‘state-of-the-science’’ of mercury. In Part II, we
perform a series of sensitivity simulations to
quantitatively assess the uncertainties using a
modified version of CMAQ-Hg in a 36-km Con-
tinental Unites States domain.

2. Mercury model science evaluation and causes for

uncertainties

2.1. Gas phase redox chemistry

The speciation, property, behavior and chemistry
of atmospheric mercury chemistry have been
reviewed by Lindqvist and Rodhe (1985), Schroeder
et al. (1991), Schroeder and Munthe (1998), and Lin
and Pehkonen (1999). Since then, a number of
laboratory and theoretical studies have advanced
the understanding on the transformation of mercury
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in the atmosphere. The gaseous redox chemistry is
dominated by the oxidation of GEM. The oxidants
responsible for the oxidization include ozone (O3,
P’yankov, 1949; Hall, 1995; Pal and Ariya, 2004a),
hydroxyl radical (OH, Sommar et al., 2001; Bauer
et al., 2003; Pal and Ariya, 2004b), hydrogen
peroxide (H2O2, Tokos et al., 1998), reactive
halogens such as Cl, Cl2, Br, Br2, BrO, I, I2 (Ariya
et al., 2002; Calvert and Lindberg, 2003, 2004;
Raofie and Ariya, 2003; Donohoue et al., 2005).
Table 1 shows the reactions and their kinetic
constants (Reactions G1–G8). Although there are
other gaseous oxidants that may be responsible for
GEM oxidation (e.g., NO3, HO2, O

1D, O3P, HOCl,
HOBr, etc. Schroeder et al., 1991; Lin and
Pehkonen, 1999), the kinetic and mechanistic data
are not available for model implementation and
therefore are not discussed here.

The oxidation of GEM is the most dominant
driving force for mercury deposition due to the
much greater deposition velocity and water solubi-
lity of oxidized mercury compared to elemental
mercury. Lin et al. (2004) compared the oxidation
rate of GEM mediated by Reactions G1–G8 using
Table 1

Current understanding of mercury reactions and kinetic parameters

No. Mechanism R

Gas phase reactions

G1 Hg0(g)+O3(g)-HgO(s, g)+O2(g) 3–

G2 Hg0(g)+
dOH(g)-Hg(II) Products 8.

G3 Hg0(g)+H2O2(g)-Hg(II) Products 8.

G4 Hg0(g)+Cl2(g)-Hg(II) Products 2.

G5 Hg0(g)+Br2(g)-Hg(II) Products o
G6 Hg0(g)+Cl(g)-Hg(II) Products 7.

G7 Hg0(g)+Br(g)-Hg(II) Products 3.

G8 Hg0(g)+BrO(g)-Hg(II) Products 10

Aqueous phase reactions

A1 HgSO3(aq)-Hg0(aq)+S(VI) T

A2 Hg(SO3)
2�
2(aq)-Hg0(aq)+S(VI) 5

A3 Hg(OH)2(aq)+UV-Hg0(aq)+Products 3�

A4 Hg(II)(aq)+HO2(aq)
d -Hg0(aq)+Products 1.

A5 Hg0(aq)+O3(aq) -Hg2+(aq)+Products 4.

A6 Hg0(aq)+
dOH(aq)-Hg2+(aq)+Products 2.

A7 Hg0(aq)+HOCl(aq)-Hg2+(aq)+Cl�+OH� 2.

A8 Hg0(aq)+OCl�(aq)-Hg2+(aq)+Cl�+OH� 1.

A9 Hg0(aq)+HOBr(aq)-Hg2+(aq)+Br�+OH� 0.

A10 Hg0(aq)+OBr�(aq)-Hg2+(aq)+Br�+OH� 0.

A11 Hg0(aq)+Br2(aq)-Hg2+(aq)+2Br� 0.

Refs.: (1) Pal and Ariya, 2004a; (2) Hall, 1995; (3) Schroeder et al., 199

2003; (7) Sommar et al., 2001; (8) Tokos et al., 1998; (9) Ariya et al., 20

Munthe et al., 1991; (13) Xiao et al., 1994; (14) Pehkonen and Lin, 1998

et al., 2001; (18) Lin and Pehkonen, 1998a; (19) Wang and Pehkonen,
the typical ambient concentrations of the oxidants
in urban, rural airsheds and the marine boundary
layer. They concluded that OH and O3 dominate the
GEM oxidation in the continental troposphere,
while Cl and Br are the dominant oxidants in the
marine boundary layer and the upper troposphere.
Both OH and O3 are photochemical oxidants,
therefore it is expected that photochemical activities
will facilitate mercury deposition. This indicates
that urban air photochemical smog can enhance
mercury deposition flux. Most chemical transport
models (e.g., CMAQ, CAMx, REMSAD, etc.) have
chemistry modules that estimate the concentration
fields of OH and O3 relatively well for calculating
GEM oxidation. However, GEM oxidation by
reactive halogens has not been treated extensively
in atmospheric mercury models, although the
activation and generation of reactive halogens and
their chemical interactions with GEM have been
investigated by various chemistry models (Calvert
and Lindberg, 2003, 2004; Hedgecock and Pirrone,
2004; Hedgecock et al., 2003).

The uncertainties in the gaseous redox chemistry
arise from two areas: (1) the uncertainty associated
ate constant Type Ref

490� 10�20 cm3molec�1 s�1 Ox 1–4

7–9.0� 10�14 cm3molec�1 s�1 Ox 5–7

9� 10�19 cm3molec�1 s�1 Ox 8

6� 10�18 cm3molec�1 s�1 Ox 9

9� 10�17 cm3molec�1 s�1 Ox 9

6–100� 10�13 cm3molec�1 s�1 Ox 9,20

2� 10�12 cm3molec�1s�1 Ox 9
�13–10�15 cm3molec�1 s�1 Ox 10

exp(31.971T–12595)/T s�1 Red 11

10�4 s�1 Red 12

10�7 s�1, midday 601N Red 13

7� 104M�1 s�1 Red 14

7� 107M�1 s�1 Ox 15

0� 109M�1 s�1 Ox 16,17

09� 106M�1 s�1 Ox 18

99� 106M�1 s�1 Ox 18

279M�1 s�1 Ox 19

273M�1 s�1 Ox 19

196M�1 s�1 Ox 19

1; (4) P’yankov, 1949; (5) Pal and Ariya, 2004b; (6) Bauer et al.,

02; (10) Raofie and Ariya, 2003; (11) Van Loon et al., 2000; (12)

; (15) Munthe, 1992; (16) Lin and Pehkonen, 1997; (17) Gardfeldt

2004; (20) Donohoue et al., 2005.
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with the reported kinetic constants, and (2) the
uncertainty in the oxidation product distribution.
The kinetic uncertainty is especially troublesome for
GEM oxidation by O3 (Table 1, G1), since a wide
range of rate constants have been reported
(4.2–49� 10�19 cm3molec�1 s�1 by Schroeder et
al., 1991 using the data by P’yankov, 1949;
3.0� 10�20 cm3molec�1 s�1 by Hall, 1995; and
7.5� 10�19 cm3molec�1 s�1 by Pal and Ariya,
2004a). The two most recent kinetic measurements
show a range over a factor of 25. If the upper kinetic
limit is used, ozone is the most important oxidant in
the continental troposphere. However, if the lower
limit is used, hydroxyl radical dominates the GEM
oxidation according to the relatively consistent
kinetic data (Table 1, G2) reported by Sommar et
al. (8.7� 10�14 cm3molec�1 s�1, 2001) and Pal and
Ariya (9.0� 10�14 cm3molec�1 s�1, 2004b). How-
ever, the occurrence of the GEM–OH reaction in
the atmosphere has been questioned, and an upper
limit of the rate constant (1.2� 10�13 cm3

molec�1 s�1) obtained from using an alternative
kinetic technique (laser-induced fluorescence spec-
troscopy) was reported (Bauer et al., 2003).

More recently, Calvert and Lindberg (2005)
performed a kinetic re-evaluation of the two
mechanisms by thermodynamic calculations and
chemical modeling. They suggested that the oxida-
tive removal of GEM by O3 may be significantly
smaller than the laboratory kinetic predictions due
to the possible dissociation of HgO in the atmo-
sphere. The reported rate constant for Hg0–OH
reaction may also be very much overestimated due
to the presence of other reactive radicals and O3

during the generation of OH under the experimental
conditions. Furthermore, since the oxidation of
GEM by OH may be greatly attenuated by HgOH
decomposition (Goodsite et al., 2004), the oxidation
removal in the real atmosphere is potentially
unimportant (Calvert and Lindberg, 2005). These
contradicting results complicate the model science
implementation.

Moreover, the oxidation products of GEM have
not been clearly defined, causing a large uncertainty
in the model prediction of mercury deposition
fluxes. Understanding the product distribution
between gas and aerosol (i.e., RGM vs. PHg) is
important, since the deposition velocity and the
removal mechanism of the mercury species vary
greatly. For example, the deposition velocity of
RGM has been estimated as high as 7.6 cm s�1 with
dry deposition as the primary removal pathway
(Poissant et al., 2004). Actual field measurements of
RGM are few, but those reported range from 1 to
4 cm s�1 (Lindberg and Stratton, 1998). On the
other hand, mercury associated with fine particulate
matter (i.e., PHg) has a much smaller deposition
velocity (usually o0.1 cm s�1; Xu and Carmichael,
1998) and mainly removed by cloud scavenging and
wet deposition.

Mercury oxidation products have not been
studied extensively in earlier kinetic studies (e.g.,
Hall, 1995; Tokos et al., 1998; Sommar et al., 2001).
More recently, Ariya and coworkers investigated
the oxidation products of GEM by O3, OH and a
number of reactive halogens in the gaseous and
particulate phases, as well as on the reactor wall
using MS, GC–MS, ICP–MS and CI–MS (Ariya et
al., 2002; Pal and Ariya, 2003, 2004a, b). These
studies reported that the major fraction of the
oxidation products is on the reactor walls. This is
due to the relatively high Hg concentrations
employed in the experiments that led to wall effects.
Mercury oxidation by O3 produces less than 1% of
airborne PHg with HgO on the reactor walls
identified as the primary product (Pal and Ariya,
2004a). However, Calvert and Lindberg (2005)
argued that the production of HgO is unlikely in
the atmosphere and that the laboratory-observed
HgO may be an artifact from the decomposition of
HgO3 intermediates on reactor walls. They further
proposed that the HgO3 can survive thermal and
photochemical decomposition, and transforms into
Hg(OH)2 or HgX2 (X ¼ Cl, Br) after depositing
onto moist aerosols (Calvert and Lindberg, 2005).
The oxidation by atomic and molecular halogens
produces less than 0.5% PHg and the oxidation by
OH produces 6% PHg and 10% RGM as HgO, the
rest being wall-sorbed species (Ariya et al., 2002; Pal
and Ariya, 2004b). Results from field measurements
are also controversial, both RGM and PHg have
been suggested as the primary products of GEM
oxidation (e.g., Lindberg et al., 2002a; Lu et al.,
2003). Stable Hg(I) species in gas phase has also
been reported in a laboratory study from the
oxidation of GEM by BrO (Raofie and Ariya,
2004), although its presence in the atmosphere has
been questioned (Lin and Pehkonen, 1999).

Oxidation of GEM is the first and most im-
portant step for Hg removal from the atmosphere.
Clearly, more theoretical and experimental studies
are required on the kinetic parameters and the
reaction products of mercury oxidation for a better
model implementation. It will be most helpful if
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exact chemical composition of RGM or PHg can be
determined, which requires major analytical break-
through for measuring the ultra-trace mercury
speciation. The speciation has strong implications
for the dry deposition implementation, since the
physical properties of oxidized mercury can greatly
affect the dry deposition velocity. Based on the
known vapor pressure of HgX2 (e.g., 8.99� 10�3 Pa
for HgCl2 at 20 1C, Schroeder and Munthe, 1998)
and the laboratory product study (Ariya et al.,
2002), it is reasonable to assume that the GEM
oxidation products by reactive halogens remain in
the gas phase long enough to be detected. The
reported HgO vapor pressure has a wide range from
2.53� 10�6 to 9.20� 10�12 Pa (Taylor, 1913; Bailar,
1973; Schroeder and Munthe, 1998). This yields a
saturated HgO level ranging from 0.7 pgm�3 to
0.2 mgm�3, suggesting that HgO may possibly exist
as PHg as well. However, elevated gaseous HgO
levels have been detected in the laboratory from Hg0

oxidation by OH and possibly by O3 (Pal and Ariya,
2004a, b; Calvert and Lindberg, 2005). More studies
are clearly needed to address these uncertainties in
the oxidation product distribution.

2.2. Aqueous phase redox chemistry

Table 1 also shows the identified aqueous phase
redox mechanisms of mercury (Reactions A1–A11).
The identified aqueous oxidants are ozone (Munthe,
1992), hydroxyl radical (Lin and Pehkonen, 1997;
Gardfeldt et al., 2001), HOCl/OCl� (Lin and
Pehkonen, 1998a), and Br2/HOBr/OBr� (Wang
and Pehkonen, 2004). The reduction of aqueous
Hg(II) is species specific (i.e., different Hg(II)
complexes exhibit distinct kinetics), which is
mediated by dissolved S(IV) (Munthe et al., 1991;
Van Loon et al., 2000), HO2 (Pehkonen and Lin,
1998) and via the photolysis of Hg(OH)2. The
concentration distribution of various Hg(II) com-
plexes can be estimated from aqueous mercury
speciation calculations (vide infra). The pH depen-
dence of the oxidation by O3 and OH and the
reduction by HO2 was not reported in the earlier
kinetic studies.

The major uncertainties in the aqueous redox
chemistry are from the reduction by HO2 and S(IV).
Pehkonen and Lin (1998) proposed a two-step
reduction of Hg(II) by HO2

d as an important
reducing pathway based on a laboratory kinetic
study. However, Gardfeldt and Jonsson (2003)
argued that the aqueous Hg(II) reduction by
HO2
d/O2

d� should not occur under ambient condi-
tions due to the possible re-oxidation of Hg(I) by
dissolved oxygen before the second electron transfer
can take place. A direct kinetic analysis of the
Hg(II)–HO2

d reaction is difficult (and not available
in the literature), because the generation of the
radical may also produce other oxidants and/or
reductants that may interfere with the reaction
itself. Since earlier model simulation indicates that
HO2

d may be the only significant aqueous reduction
mechanism balancing Hg0 oxidation after the
depletion of aqueous S(IV) (Lin and Pehkonen,
1998b), further studies are needed to elucidate its
kinetics and mechanism. The reduction of aqueous
Hg(II) by S(IV) was first investigated by Munthe et
al. (1991). A one-step, two-electron transfer with a
first-order rate constant of 0.6 s�1 was proposed for
HgSO3 complex at room temperature. Van Loon
et al. (2000) re-evaluated the reduction kinetics and
reported a much smaller rate constant (0.0106 s�1)
with a temperature dependence that is generally
accepted in the modeling community. The reduction
by the photolysis of Hg(OH)2 is not important
based on the reported rate constant (Xiao et al.,
1994; Lin and Pehkonen, 1998b).

2.3. Aqueous phase Hg(II) speciation

Aqueous speciation of divalent mercury [Hg(II)]
has an important impact on the reaction kinetics.
Hg(II) can form a wide variety of complexes with
different aqueous ligands. This can be calculated by
solving a series of parallel mass and charge balance
equations using the expressions of equilibrium
constants and the solution composition (Stumm
and Morgan, 1995). Since Hg(II) has a very rapid
water exchange rate in aqueous solutions (Brezonik,
1994), the formation of Hg(II) complexes does not
limit the redox reaction rates, and can be treated
separately as chemical equilibria. Table 2 shows the
chemical equilibria and their stability constants
relevant in atmospheric droplets. The organic
ligands are neglected due to their much smaller
concentration compared to the inorganic ligands.
Hg(II) is a soft metal ion and it forms stable
complexes with softer ligands such as Br� and
SO3

2�, as indicated by the large stability constants in
Table 2.

The total concentration of ligands and pH in
atmospheric droplets are the most important factors
affecting Hg(II) speciation. Lin and Pehkonen
(1997, 1998b) calculated the aqueous speciation of
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Hg(II) using the stability constants listed in Table 2.
Based on the above studies and additional specia-
tion calculations performed in this work, we
summarize the speciation of Hg(II) in atmospheric
droplets. Under a typical chemical composition in
atmospheric droplets (Table 3), Hg(II) concentra-
tion is much lower than the ligand concentrations.
The most important ligands that form significant
complexes with Hg(II) are chloride (Cl�) and sulfite
[S(IV)], both as bis-complexes. Since aqueous sulfite
comes from the dissolution of gaseous sulfur
dioxide, the gaseous SO2 concentration strongly
affects the speciation of aqueous Hg(II). Further-
Table 2

Chemical equilibria for calculating aqueous phase Hg(II)

speciation

No. Equilibrium Log(Keq)

E1 H2O � SO22H++HSO3
�

�1.91

E2 HSO3
�2H++SO3

2�
�7.18

E3 H2O �CO32H++HSO3
�

�6.35

E4 HCO3
�2H++CO3

2�
�10.33

E5 Hg2++OH�2Hg(OH)+ 10.63

E6 Hg2++2OH�2Hg(OH)2 22.24

E7 Hg2++SO3
2�2HgSO3 12.7

E8 Hg2++2 SO3
2�2Hg(SO3)2

2� 24.1

E9 Hg2++OH�+Cl�2HgOHCl 18.25

E10 Hg2++Cl�2HgCl+ 7.30

E11 Hg2++2Cl�2HgCl2 14.0

E12 Hg2++3Cl�2HgCl3
� 15.0

E13 Hg2++4Cl�2HgCl4
2� 15.6

E14 Hg2++Br�2HgBr+ 9.07

E15 Hg2++2Br�2HgBr2 17.27

E16 Hg2++3Br�2HgBr3
� 19.7

E17 Hg2++4Br�2HgBr4
2� 21.2

E18 Hg2++OH�+Br�2HgOHBr 19.7

E19 Hg2++CO3
2�2HgCO3 11.0

E20 Hg2++SO4
2�2HgSO4 1.34

E21 Hg2++2SO4
2�2Hg(SO4)

2� 2.40

E22 Hg2++NO3
�2Hg(NO3)

+ 0.11

Data are from Smith and Martell (2004).

Table 3

Typical concentrations of important atmospheric ions in droplets

Ions Typical conc. (mM) Reference

Hg2+ 10�3–10�5 From data

[S(IV)]total 0–100 1–3

SO4
2� 60–1500 1–3

NO3
� 80–3000 1–3

Cl� 10–2500 1–3

OH� 10�5–10�2.5 Calculated

[Carbonate]total 10�4.9 Calculated

Refs.: (1) Erel et al., 1993; (2) Schell et al., 1997; (3) Seinfeld and Pand
more, aqueous sulfite undergoes acid–base reactions
(E1 and E2 in Table 2), therefore pH also affects the
complex formation between Hg(II) and S(IV). At
low S(IV) concentrations (i.e., o0.1 mM), the
dominant complex is HgCl2. At higher S(IV)
concentrations (i.e., 41.0 mM), the most dominant
Hg(II)–S(IV) complex is the relatively non-reactive
Hg(SO3)2

2� (Table 1, A2). Although the reactive
HgSO3 is not the dominating species under the
typical conditions, its concentration peaks at about
pH 4–5 (Lin and Pehkonen, 1998b) with a total
aqueous sulfite concentration of about 1 mM. Under
such conditions, S(IV) dominates the reduction of
Hg(II).

At slightly to moderately acidic pH values in
atmospheric droplets (pH 3–5.5), hydroxide (OH�)
and carbonate (CO3

2�) ions are not at a sufficiently
high concentration to form hydroxide and carbo-
nate complexes with Hg(II). The contribution from
bromide (Br�) complexes can be significant in the
marine boundary layer or in Polar Regions but
negligible in the continental troposphere. With the
very small stability constants between Hg(II) and
sulfate (SO4

2�) as well as nitrate (NO3
�) ions, their

complex formation is negligible. Since the lifetime of
aqueous S(IV) is only a few hours (Lin and
Pehkonen, 1998b), chloride is the most important
ligand and it is a reasonable assumption that
aqueous Hg(II) exist primary as HgCl2. And the
gas–liquid equilibrium of Hg(II) can be considered
as the Henry’s equilibrium of HgCl2.

2.4. Aqueous phase sorption

Aqueous mercury can be adsorbed onto the solid
phase in atmospheric droplets. The aqueous parti-
culate matter can come from the insoluble fraction
of cloud condensation nuclei (CCN) or the scaven-
ging of PM from the gas phase. The aqueous-solid
s/comments

archived in mercury deposition network (MDN)

from a typical droplet pH 3–5.5

using effective Henry’s constant at 351 ppmv CO2 for pH 3–5.5

is, 1997.
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equilibria are governed by sorption isotherms.
However, quantitative assessment of the sorption
of aqueous Hg(II) is difficult due to the uncertain
nature of atmospheric particles in the aqueous
phase (e.g., the identity of the particulate and the
variability in its concentration). Earlier studies have
suggested that a significant fraction of aqueous
Hg(II) can be adsorbed onto the insoluble solids
(e.g., Petersen et al., 1995; Seigneur et al., 1998).
Seigneur et al. (1998) studied aqueous mercury
sorption onto soot particles and atmospheric PM.
They reported that 2–35% of aqueous Hg(II) is
sorbed to the solid phase under their experimental
conditions, and suggested that sorption kinetics
should be considered. Aqueous sorption of Hg(II)
can have an impact on the partitioning of mercury
between the gas phase and atmospheric droplets.
The adsorbed Hg(II) is considered removed from
the aqueous phase and does not participate in the
aqueous redox reactions. This inhibits the aqueous
reduction of Hg(II), thus reducing the release of Hg0

back to the gas phase (Lin and Pehkonen, 1998b)
and enhancing RGM scavenging.

The aqueous sorption of metallic ions onto
multiple sorbents (such as atmospheric PM) is a
complex process and depends strongly on the
solution composition and sorbent properties (Stumn
and Morgan, 1996). As a simplification, aqueous
Hg(II) adsorption is usually treated as simple
sorption equilibrium (Pai et al., 1999; Seigneur
et al., 1999) or a kinetic process estimated from
sorption constants (e.g., Bullock and Brehme,
2002). With the low concentration of dissolved
Hg(II) in atmospheric water, it is reasonable to use a
simple linear sorption isotherm (Lin et al., 2004),
and the total Hg(II) concentration in the aqueous
phase can be expressed as

½Hg2þ�aq;total ¼ ð1þ Kads½APM�aqÞ½Hg2þD �aq, (1)

where [Hg2+]aq,total is the total aqueous Hg(II)
concentration in the dissolved and sorbed phases;
Kads is the soption constant; [APM]aq is the aqueous
concentration of atmospheric particles; and
[Hg2+D ]aq is the dissolved Hg(II). However, there
exists limited data describing the sorption charac-
teristics of Hg(II) in the aqueous phase. Table 4
shows the sorption isotherms and the associated
isotherm constants reported in recent Hg(II) ad-
sorption studies. The sorption constants Kads (as
shown in Eq. (1)), is also estimated from the
reported sorption parameters. The wide range in
the values of Kads poses a significant uncertainty in
model implementation. For example, assuming a
10 ng l�1 Hg(II) and 1mg l�1 of insoluble particulate
matter in the aqueous phase, the ratio of sorbed
Hg(II) to dissolved Hg(II) can range from 2.1�
10�4 to 1.22 based on the range of the reported
sorption constants.

2.5. Dry deposition

Mercury is removed from the atmosphere
through both dry and wet depositions. Both
removal pathways can cause contamination of
mercury and their deposition contribution is com-
parable. The dry deposition of mercury exhibits a
strong seasonal variation, with enhanced deposition
fluxes during the summer months (Lindberg et al.,
1992; Vanarsdale et al., 2005). The deposition flux is
estimated by the product of the deposition velocity
and gaseous concentration for various mercury
species, i.e.,

Fdry ¼ Vd � Cg, (2)

where Fdry is the dry deposition flux (ngm�2 h�1),
Vd is the dry deposition velocity (m s�1) and Cg is
the gaseous concentration of mercury species (i.e.,
GEM, RGM or PHg) in ngm�3. Experimentally,
Vd can be estimated by mercury flux measurements
by micro-meteorological techniques (Xu et al., 1999;
Lindberg et al., 1998, 2002b). The measured
deposition velocity shows a diurnal pattern, with
peak values during midday. The reported daytime
dry deposition velocities of GEM, PHg and RGM
can reach 0.19, 2.1 and 7.6 cm s�1, respectively
(Poissant et al., 2004), with much lower values at
night due to reduced atmospheric turbulence
(Lindberg et al., 1992). Although the dry deposition
velocity of GEM is much smaller compared to PHg
and RGM, its deposition may still be important due
to the much greater concentration of GEM com-
pared to those of RGM and PHg (Lee et al., 2001).

The model treatment of mercury dry deposition
velocity varies greatly in atmospheric mercury
models. The dry deposition velocity of GEM is
often neglected (e.g., Bergan and Rodhe, 2001;
Bullock, 2000; Bullock and Brehme, 2002), assigned
a very small value (e.g., 0.015 cm s�1, Lee et al.,
2001), or treated as surface uptakes (Xu et al., 2000;
Lin and Tao, 2003). The dry deposition of fine
particulate matter (e.g., the accumulation mode size
regime) is usually used as a surrogate Vd for PHg
(e.g., Bullock and Brehme, 2002; Pai et al., 1999).
The deposition velocity of RGM is either assumed
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(0.5–4.0 cm s�1, Bergan and Rodhe, 2001; Hedge-
cock and Pirrone, 2004; Lee et al., 2001), assigned as
the deposition velocity of HNO3 as a surrogate Vd

(Bullock and Brehme, 2002; Xu et al., 2000), or
treated using resistance modeling approaches (Lind-
berg et al., 1992; Pai et al., 1997, 1999). The wide
range of treatments in the dry deposition scheme
introduces a large uncertainty in model estimates of
deposition flux.

Treating the dry deposition of various mercury
species using the resistance analog has several
advantages compared to the assigned deposition
velocities, since resistance models consider the
effect of different land uses, and they are capable
of characterizing the diurnal variation of dry
deposition velocities. The resistance model is
expressed as

Vd ¼ ðRa þ Rb þ RcÞ
�1
þ V g, (3)

where Ra (sm�1) is the aerodynamic resistance
estimated from turbulent transport; Rb (sm

�1) is the
quasi-laminar resistance estimated from mercury
diffusivities; Rc (sm

�1) is the canopy/surface resis-
tance; Vg (m s�1) is the settling velocity in the case of
coarse particulate matter (PHg, 42.5 mm). For
mercury, the dominant term in Eq. (3) is the
canopy/surface resistance. Using the published
deposition models for canopy resistance (Baldocchi,
1988; Du and Fang, 1982; Hicks and Meyers, 1988),
Lindberg et al. (1992) showed the diurnal variation
of GEM dry deposition velocity. The mean daytime
Vd to a deciduous forest was estimated to be 0.12
and 0.006 cm s�1 in summer and winter, respec-
tively. Lindberg et al. (2002b) first reported a
measured Vd of 0.1470.13 cm s�1 under a similar
meteorological condition for GEM to cattail
canopy. Pai et al. (1999) used the canopy resistance
of SO2 for estimating Hg0 dry deposition velocity,
since mercury diffusivity is close to that of SO2

(Lindberg et al., 1992).
Rigorous treatment of deposition velocity of

GEM, RGM and PHg is possible with knowledge
of mercury thermodynamic/physical properties.
Using the formulation of RADM deposition scheme
(Wesely, 1989), we estimated the canopy resistance
of GEM and RGM:

Rc ¼
1

rsx þ rmx

þ
1

rlux

þ
1

rdc þ rclx
þ

1

rac þ rgsx

� ��1
.

(4)
The definition of the resistance terms in Eq. (4)
and their calculations are shown in Table 5. Eq. (4)
and Table 5 consider the effect of atmospheric
stability and different land use types based on the
3-D wind fields and GIS information. It also
incorporates the physical properties (e.g., Henry’s
Law constants and diffusivities) of various mercury
species in the Vd estimate. Finally, it generates a
diurnal pattern similar to the observed deposition
velocities of trace gases.

Using Eq. (4) and assuming RGM species as
HgCl2 or HgO (since the product speciation has yet
to be determined), we estimated the magnitude and
diurnal patterns of the deposition velocities of GEM
and RGM in summer and winter. Fig. 1 shows the
simulated monthly average deposition velocity of
GEM (Fig. 1a and b) and RGM (Fig. 1c and d as
HgCl2 and Fig. 1e and f as HgO) in typical winter
(Fig. 1a, c and e) and summer conditions (Fig. 1b, d,
and f) in a 36-km continental US domain (the model
setup is shown in the figure caption). Clearly, the
summertime (i.e., July) deposition velocity is greater
compared to the wintertime (i.e., December) due to
the much lower aerodynamic resistance. In our
calculation, the hourly average peak Vd values for
GEM, HgCl2 and HgO are 0.09, 3.44 and
6.86 cm s�1 in July, and 0.07, 3.10 and 6.64 cm s�1

in December, respectively. In Fig. 1, the elevated Vd

values above part of the sea surface area in January
(Fig. 1a, c and f) is caused by the lower aerodynamic
resistance calculated from the meteorological data.
Generally, the greatest deposition velocities are
observed with the land use type of coniferous forest,
because of its greater leaf surface area on a year-
round basis.

Fig. 2 shows the average diurnal variations of
mercury deposition velocities in the entire model
domain. It can be observed that assuming RGM as
HgCl2 versus HgO has a strong impact on the
calculated dry deposition velocities, mainly caused
by the difference in their respective Henry’s Law
constants (Table 5). According to Calvert and
Lindberg (2005), HgCl2 is more likely to have a
significant lifetime in the gas phase. Gaseous HgO,
if formed, will probably tend to attach to the
aerosol phase. Nevertheless, the difference on the
calculated Vd values will lead to a large difference in
the RGM deposition flux from model estimates.
Deterministic identification of RGM species will
thus reduce the uncertainty in the dry deposition
analysis. In addition, more field data are needed to
verify the species-specific deposition velocities.
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Table 5

RADM parameters used for estimating the canopy resistance of GEM and RGMa

Terms Formulation Description Remarks

rdc 100[1+1000(G+10)�1]

(1+1000q)�1
Buoyant convection

resistance

rsx rsDH2O=Dx, where rs ¼ ri

{1+[200(G+0.1)]�1]2}

{400[Ts(40�Ts)]
�1}

Stomatal resistance for

substance x

HNO3 DH2O=DHNO3
¼ 1:9

RGM DRGM ¼ 0.086 cm2 s�1;

DH2O=DRGM ¼ 2:53

GEM DGEM ¼ 0.1194 cm2 s�1;

DH2O=DRGM ¼ 1:82

rclx [kH/(10
5rcls)+f0/rclO]

�1 Lower canopy resistance HNO3 KH ¼ 1� 1014Matm�1; f0
(HNO3) ¼ 0.0

rgsx [kH/10
5rgsS)+f0/rgsO)]

�1 Ground surf. resistance RGM KH ¼ 2.8� 106Matm�1 (HgCl2)

KH ¼ 2.7� 1012Matm�1 (HgO)

f0 (RGM) ¼ 0.1 or 1.0

rmx (kH/3000+100 f0)
�1 Mesophyll resistance

rlux rlu (10�5 kH+f0)
�1 Leaf cuticular resistance GEM KH ¼ 0.139Matm�1 (GEM)

f0 (GEM) ¼ 10�5

[1/(3rlu)+10�7 kH+f0/

rluO]
�1

Dew or rain correction

rlus 100 Leaf cuticular, SO2 (dew)

[1/5000+1/(3rlu)]
�1 Rain correction

rluO [1/3000+1/(3rlu)]
�1 Leaf cuticular, O3 (dew)

[1/1000+1/(3rlu)]
�1 Rain correction

aG is the solar radiation reaching the canopy, Dx is the molecular diffusivity of the trace species, ri is the minimum bulk canopy stomatal

resistance for water vapor, rlu is the surface bulk resistance component for leaf cuticles in healthy vegetation and otherwise the outer

surfaces in the upper canopy, rclS is the surface bulk resistance component for leaves, twig, bark or other exposed surfaces in the lower

canopy to SO2, rclO is the surface bulk resistance component for leaves, twig, bark or other exposed surfaces in the lower canopy to O3, rac
is the surface bulk resistance component for transfer that depends only on canopy height and density, rgsS is the surface bulk resistance

component for the soil, leaf litter, etc. at the ground surface to SO2, rgsO is the surface bulk resistance component for the soil, leaf litter, etc.

at the ground surface to O3. These parameters depend on land uses and seasons; f0 is the reactivity constant as defined by Wesley (1989).
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2.6. Wet deposition

Previous studies have shown that wet deposition
is a major removal pathway for atmospheric
mercury (Keeler et al., 2005; Miller et al., 2005).
Wet deposition of mercury results from mercury
oxidation followed by the scavenging of oxidized
mercury into atmospheric droplets, and the removal
by precipitation to the Earth’s surface (i.e., rainout).
These processes are controlled by the gaseous and
aqueous mercury chemistry, the interfacial transfer
of RGM and PHg and the sorption process in the
aqueous phase. The wet deposition flux of mercury
can be estimated according to

Fwet ¼ P� ½Hg2þ�aq;total, (5)

where Fwet is the wet deposition flux (ngm�2 h�1),
P is the precipitation intensity (mh�1) and
[Hg2+]aq,total is defined as in Eq. (1). Seigneur et al.
(2001) also considered the below cloud scavenging
(i.e., washout) in their wet deposition treatment.
The major uncertainty here is from the inaccuracy
of the precipitation fields and the assumptions made
in the cloud scavenging process (Seigneur et al.,
2001). Current model treatments assume that (1) all
PHg is incorporated into the aqueous phase upon
cloud formation, (2) the sorbed Hg(II) in the
aqueous phase is considered as PHg, and (3) the
scavenging of GEM and RGM is based on Henry’s
Law equilibrium (e.g., Bullock and Brehme, 2002).
These assumptions on cloud processing are very
simplified without robust treatment of cloud micro-
physics and release of PHg from clouds. Since cloud
cover and precipitation from meteorological models
can be very different from the ground and satellite
observations (e.g., Biazar et al., 2005), and current
model predictions of aqueous mercury concentra-
tion correlated reasonably well with field measure-
ments (Lin and Pehkonen, 1998b; Seigneur et al.,
2001, 2004), the uncertainty in the precipitation
fields has the strongest impact on model predic-
tion on wet mercury deposition. Therefore, care-
ful inspection of the precipitation data in the
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Fig. 1. The simulated monthly average deposition velocity of GEM and RGM. (a) GEM in January. (b) GEM in July. (c) RGM as HgCl2
in January. (d) RGM as HgCl2 in July. (e) RGM as HgO in January. (f) RGM as HgO in July. The calculation was performed in a 36-km

US domain using the USEPA 2001 MM5 meteorology. The spatial feature of the average deposition velocity is caused by the different

land uses and the meteorological data. Notice that the color scales for GEM and RGM are different. See text for discussion.
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meteorological fields is needed for the interpretation
of modeled mercury wet deposition results.

2.7. Emission inventory estimates and speciation

The mercury emission from anthropogenic
sources is several orders of magnitude smaller than
other regulated pollutants (e.g., SO2, NOx, CO, PM,
etc). In our modeling analysis, we have observed
that the total ambient gaseous concentration of
mercury is not significantly modified from their
background concentrations, except near major
point sources. This agrees with previous modeling
assessment (e.g., Seigneur et al., 2001, 2004). The
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Fig. 2. The domain-average diurnal variation of mercury deposition velocities. The speciation of RGM as HgO and HgCl2 can lead to

distinct deposition velocities.
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global anthropogenic emission inventory estimate of
mercury is continuously being revised and improved
(Pacyna et al., 2001, 2003; Hylander and Meili,
2003). Generally, the emission inventory estimate in
North America is relatively reliable, mainly due to
the integrated efforts of governmental programs
and private industries in compiling and revising the
USEPA National Emission Inventory (NEI) and
the Toxic Release Inventory (TRI). There is an
uncertainty factor of 3 for Hg emissions in Mexico
and an uncertainty factor of approximately 2 in
Europe (Seigneur et al., 2001). Recently, several
emission inventory re-assessments and field cam-
paigns have provided more reliable estimates of
mercury emission in East Asia (Streets et al., 2005).
Nevertheless, significant uncertainties (usually un-
derestimates) still remain in these estimates due to
the lack or inaccuracy in reported emission data,
stack measurements of Hg, and capture of Hg in
control devices.

The natural emission caused by previously
deposited mercury is also highly uncertain, mainly
due to the lack of a comprehensive, mechanistic
description of the natural emission process (Lind-
berg et al., 2005). Recent isotopes studies suggested
that an important fraction of mercury deposited to
both terrestrial and aquatic surfaces are re-emitted
(Lindberg et al., 2003). This so-called ‘‘mercury re-
emission’’ is similar in magnitude to the anthro-
pogenic mercury emission, especially in summer
(Lindberg et al., 1998; Lin et al., 2005). The
characteristic emission differences between the
mercury re-emission from natural processes and
anthropogenic emission are: (1) the re-emission
exhibits strong diurnal and seasonal variations,
while the variation of anthropogenic emissions is
much smaller; (2) the natural processes emit mainly
GEM, while anthropogenic emissions release GEM,
RGM and PHg depending on the sources, fuel types
and control devices employed; (3) the natural
processes emit mercury to the surface layer of the
model domain only, while anthropogenic emissions
from point sources are subject to plume rise
depending on atmospheric stability; and (4) the
natural processes are relatively weaker and more
diffused compared to anthropogenic emissions, but
cover a much larger area.

The emission of mercury through natural pro-
cesses has been overlooked or treated as a fraction
of the deposited mercury in the preparation of
gridded mercury emission inventory (e.g., Bergan
and Rodhe, 2001; Bullock and Brehme, 2002). Lin
and Tao (2003) and Xu et al. (2000) incorporated
this emission contribution through bi-directional
air-surface exchange of GEM vapor. Seigneur et al.
(2004) estimated that the mercury ‘‘re-emission to
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deposition’’ ratio ranges from a lower limit of 33%
to an upper limit of 56%. More recently, emission
processors extensively treating the emission from
vegetation, water surface and soils have been
developed based on a simplified mechanistic (Bash
et al., 2004) or a regression (Lin et al., 2005)
approach to assimilate the observed evasion fluxes
of mercury. Such treatments provide highly tempo-
rally and spatially resolved natural mercury emis-
sions. However, more field and mechanistic studies
of the natural emission process are clear needed for
better model parameterization.

The emission speciation of mercury has a
profound impact on the modeled mercury deposi-
tion, especially near the emission sources. GEM is
subject to long-range transport; while RGM (and
PHg to a less extent) deposits rapidly near the
emission sources. Since the natural emission specia-
tion is dominated by GEM, the speciation assign-
ment of anthropogenic emission of mercury has
particularly strong implications for mercury dry and
wet deposition on a regional scale. The speciation of
mercury emission depends on the fuel types and the
use of emission control technology (Senior et al.,
2000; Senior and Johnson, 2005). Its characteriza-
tion requires comprehensive in-stack measurements
at the emission sources. In the United States, the
compilation of NEI greatly reduces the uncertainty
of mercury emission speciation, since the fuel types
and control devices are well documented, although
some uncertainty for area source emission still
remains. In Asia, the speciation data are not readily
available and cautions should be taken in interpret-
ing model results of local deposition.

2.8. Initial and boundary conditions

Initial and boundary conditions (IC/BC) repre-
sent the starting mercury concentrations and out-of-
boundary transport input into the model domain in
the simulations. By default, it is more favorable to
generate the IC/BC from a coarse domain using
model nesting to provide a better spatial distribu-
tion of GEM, RGM and PHg. The IC/BC of GEM
has an impact on the modeled deposition flux forced
by chemical oxidation. The IC for RGM and PHg
has no impact on mercury deposition after a short
model spin-up, and the BC do not have a significant
effect on model deposition away from the domain
boundary due to the rapid RGM/PHg removal and
scavenging. Pai et al. (1999) varied the RGM
boundary conditions in a North American domain
and observed that the impact of the BC change is
negligible. In our modeling analysis, we have
observed the BC of RGM and PHg can cause
significantly higher dry and wet deposition near the
domain boundary (up to 5–10 modeling grids in the
36-km domain). Therefore, caution should be taken
in interpreting the modeled deposition results for
small domains or the grids near the domain
boundaries.

2.9. Domain grid resolution

The effect of domain grid resolution on the
modeled mercury deposition is two-fold. First, since
chemical transport models assume instantaneous
mixing (thus diluted) of emitted pollutants in the
receiving model grids, changes in the grid resolution
directly influence the resulting dilution near the
emission locations. Secondly, it results in a change
in the GIS data resolution, which can affect the
vertical mixing of pollutants. An increase in the
domain grid size dilutes the concentration of
various mercury species. For GEM, this dilution
reduces the chemical oxidation rate and thus the
deposition flux. For RGM and PHg, the dilution
also decreases the tendency of dry deposition, since
the deposition flux is proportional to the gaseous
concentration (Eq. (2)). As the gaseous mercury
concentration can be modified significantly near
large emission sources, the effect of a grid resolution
change is more important near the sources, due to
both emission dilution and lower concentration of
photochemical oxidants responsible for GEM oxi-
dation. Pai et al. (2000) tested the effects of grid
resolution on the dry and wet deposition of mercury
by varying the grid size from 100 to 20 km in a
regional northeast US domain. They reported that
the short-term peak dry deposition flux can be
increased by a factor of 2 in the 20-km domain.
However, the difference in dry deposition in remote
areas as well as in wet deposition of the entire
domain is much smaller (Pai et al., 2000). For
simulations in coarser grids, implementation of
plume-in-grid should provide a more realistic
mercury concentration field near the emission points
for modeling local mercury deposition.

2.10. Other modeling issues

Recently, there has been substantial research
devoted to the rapid dry deposition of oxidized
mercury during the Polar sunrise, so called ‘‘mer-
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cury depletion events’’ or MDEs, (e.g., Schroeder
and Munthe, 1998; Ebinghaus et al., 2002; Lindberg
et al., 2002a; Skov et al., 2004), and to the much
shorter atmospheric lifetime of mercury in the
marine boundary layer (Hedgecock and Pirrone,
2004; Hedgecock et al., 2003; Laurier et al., 2003).
Field and modeling studies have suggested that the
enhanced mercury removal is mediated by the
oxidation of GEM by a number of reactive halogen
species (e.g., Br, Cl, Br2, Cl2, BrO, ClO and possibly
others) followed by a rapid deposition of RGM
and/or PHg (Calvert and Lindberg, 2003, 2004; Lu
et al., 2003). It has been suggested that these
oxidation pathways can strongly affect the global
cycling budget of mercury (Mason and Sheu, 2002).
There is also an increasing concern for the inter-
continental transport of mercury and mercury
deposition in coastal regions (Streets et al., 2005;
Jaffe et al., 2005). However, current chemical
transport models of mercury do not have the
capability to simulate these processes. The model
implementation of such processes requires extensive
treatment and parameterization of sea salt aerosol
generation and reactive halogen activation (Keene
et al., 1993; Vogt et al., 1996; Spicer et al., 1998;
Keene et al., 1999; Von Glasow et al., 2002a, b;
Knipping and Dabdub, 2002), as well as reliable
chemical mechanisms and kinetic data. More
research is needed to elucidate the oxidation of
GEM by reactive halogens to facilitate a more
robust model implementation.

3. Implications for atmospheric mercury simulations

A number of atmospheric mercury models have a
reasonably good capability in predicting long-term
average GEM concentrations and total wet deposi-
tion of mercury (Pai et al., 1997, 1999; Seigneur et
al., 2001, 2003b, c; Ryaboshapko et al., 2005 and the
references cited therein). Interestingly, these models
incorporate different parameterizations in the treat-
ment of chemical mechanisms, wet and dry deposi-
tion schemes, and emission inventories with
different model assumptions, thus having different
areas of model uncertainties. With the complex
physical and chemical processes that mercury
undergoes in the atmosphere, the model uncertain-
ties may compensate each other. Therefore, the
model agreement with limited field measurements
should not be considered as model accuracy.
Caution should be exercised to understand the
direction and magnitude of model biases caused by
the model and/or scientific uncertainties in order to
better interpret the simulation results.

One of the challenges in atmospheric mercury
simulation is that there are still many atmospheric
processes involving mercury that are not well
understood, and sometimes contradictory scientific
information exists in the literature. This complicates
the science implementation, and some simplifica-
tions must be made to obtain the model results. The
other challenge is that there is a general lack of
continuous field and network measurement data of
atmospheric mercury (e.g., concentration, specia-
tion, and dry deposition) for a proper model
calibration and verification. Most the modeling
results compared favorably with long-term wet
deposition data and total gaseous mercury concen-
trations, the later often dominated by background
concentrations. The availability of additional field
data for model verification will certainly help reduce
model uncertainties. Finally, the currently measur-
able species of atmospheric mercury are loosely
defined, except GEM. The exact chemical species of
RGM, which plays an important role in the dry and
wet deposition treatment of mercury, have not been
analytically defined due to the analytical difficulty in
determining ultra-trace air pollutants such as
mercury. Without such chemical information, ex-
plicit treatment of mercury species in the model is
difficult, if not impossible, and uncertainties remain.
Also needed are better measurements of the particle
size distribution of PHg to better assess its dry
deposition. Current assignment of PHg into fine
particulate mode results in negligible PHg deposi-
tion in the model (e.g., Bullock and Brehme, 2002).

One approach to address model uncertainty
issues is to perform sensitivity analyses on various
model components and parameters. This defines the
upper and lower bounds of the model outcomes of
the uncertainties. In the next companion paper, we
perform sensitivity simulations to address the effects
of varied chemical mechanisms, dry deposition
schemes, aqueous sorption and the incorporation
of natural emissions on modeled Hg deposition
fluxes.

4. Conclusions

Of the greatest importance for reducing model
uncertainties is the accurate quantification of the
reaction kinetics of mercury transformation me-
chanisms in both gas and aqueous phases. The
current understanding of atmospheric mercury
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chemistry and related kinetics are based on the
extrapolation of limited laboratory investigations.
The appropriateness of such extrapolation has been
questioned (e.g., Calvert and Lindberg, 2005;
Gardfeldt and Jonsson, 2003). In addition, some
of the reaction kinetics and products are not clearly
defined. Since chemistry is the most important
driving force for mercury deposition in regions
away from the anthropogenic sources, further
experimental investigations addressing these kinetic
and product uncertainties will greatly improve
model performance in predicting both dry and wet
depositions.

Based on the published stability constants and
water exchange rate constants, it is reasonable to
assume that aqueous phase speciation will not
kinetically limit the chemical reactions of mercury
in droplets. The most dominant aqueous Hg(II)
species is HgCl2 under typical droplet conditions.
There is a lack of knowledge in the interactions
between mercury species and atmospheric particu-
lates and more studies are needed. The aqueous
adsorption equilibrium of Hg(II) onto insoluble
particles should be better quantified to assess the
contribution of sorbed Hg(II) in wet mercury
deposition. Extensive treatment for estimating dry
deposition velocity is possible with the published
dry deposition schemes and the knowledge of
thermodynamic properties of various mercury
species, although field examination of the modeled
dry deposition velocities is still much needed. Both
IC/BC and grid resolution can affect the model
results of mercury deposition. Due to the relatively
small emission quantity of mercury into the atmo-
sphere compared to other criterion pollutants, the
modification of total gaseous mercury concentra-
tion by emissions is not significant, except near
major emission sources. However, the assignment of
mercury emission speciation has a profound impact
on mercury deposition near the anthropogenic
sources. Since models may incorporate different
scientific parameterizations, it is important to
recognize the direction and magnitude of model
biases caused by the uncertainties to better interpret
model simulation results.
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